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Despite the apparent similarity in structure, PAHs should not be regarded as a homogeneous 
group of chemicals. The environmental chemistry and toxicology of PAHs is highly complex 
and does not depend on simple physico-chemical characteristics. The keys to an understand- 
ing of the environmental risk of PAHs are knowledge of the fraction available to the organism 
and the toxicity mechanisms involved, as these ultimately determine the magnitude and na- 
ture of biological effects. 

The best way to assess PAH bioavailability is to determine the uptake rate constant via a 
kinetic study. This is, however, quite laborious and usually bioavailability is assessed on the basis 
of tissue residues. It is obvious that such an assessment can only be made if sufficient knowledge 
is available on kinetics and mechanisms of uptake, biotransformation and elimination, as large 
variations exist among different taxa of the animal kingdom in these mechanisms. Many bio- 
logical factors also contribute to the within-species variability of toxicokinetics of PAHs. _ 

Data from the scientific literature demonstrate that PAHs do not have one type of toxic 
action but that different toxicity mechanisms play a role, depending on the compound, the 
type of exposure (acute or chronic), the organism and the environmental conditions involv- 
ed. The toxicity mechanisms that have been postulated for PAHs include the following. 

Nonpolar narcosis, which is an aspecific mode of toxicity considered to be caused by the 
physical disturbance of the structure of the biological membrane. Narcosis can develop rela- 
tively quickly during short term exposure and is a phenomenon which is typically observed 
in acute toxicity experiments. 

Phototoxicity, the term used for the phenomenon of increased toxicity of certain PAHs in 
the presence of UV light. The light-induced formation of free radicals and subsequent 
damage to a variety of macromolecules is believed to be responsible for this toxicity mecha- 
nism. This type of toxicity can develop relatively quickly and can be observed both in acute 
and chronic toxicity experiments. 

Biochemical activation and subsequent adduct formation. During enzymatic transforma- 
tion certain PAHs are transformed into highly reactive compounds which may form covalent 
bonds with macromolecules such as protein and DNA, the adducts. DNA adducts may give 
rise to mutations and this may result in carcinogenesis and teratogenesis, typical parameters 
of chronic toxicity experiments which take a long time to develop. 

Disturbance of hormone regulation. There is only circumstantial evidence for this 
mechanism of toxicity, which is thought to occur either by direct interaction of PAH meta- 
bolites with hormone receptors (mimicking of hormones) or, indirectly, by interference with 
hormone metabolism. This type of toxicity will take some time to develop and will require 
chronic exposure. 

Organisms which metabolize PAHs extensively, will be less susceptible to narcosis and 
phototoxicity of PAHs compared to organisms which do not metabolize PAHs, since the con- 
centrations at the target site will be lower. At the same time, however, organisms that have a 
high rate of metabolism of PAHs are likely to be the victims of adduct formation or dis- 
turbance of the hormone regulation. Consequently, the relationship between residue levels of 
PAHs and toxicity is ambiguous. Clearly species specific information should be used when 
considering the relationship between residue level of PAHs and the possible risk to organisms. 
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Data on the toxicity of PAHs and studies on the mechanisms behind this toxicity indicate that 
many PAHs can act through a more specific toxicity mechanism than nonpolar narcosis. 
Exceptions to this may be PAHs such as naphthalene, phenanthrene and fluorene, which are non- 
phototoxic, are not considered to be mutagens and do not have a structure similar to hormones. 
These compounds are quite abundant in the environment but are susceptible to biodegradation. 
PAHs with a higher molecular weight generally have longer residence times and have a more spe- 
cific toxicological nature which may result in adverse effects during chronic exposure. 

An overview of studies in which adverse effe:ts of PAHs on reproduction, growth or sur- 
vival are documented, reveals a considerable bias for short term toxicity studies. Under such 
conditions nonpolar narcosis is the most likely mechanism of toxicity to be observed. Effects 
due to other toxicity mechanisms, such as biochemical activation and disturbance of hormo- 
nal regulation, will be missed, as it will take a longer exposure period for effects to be observ- 
ed at the individual level. Observations of phototoxicity are unlikely as the light sources used 
in most experiments are not representative of outdoor conditions. Under natural conditions, 
with long term exposure of organisms to PAHs, more specific, and therefore higher, toxicity 
can be expected than has generally been documented in the literature. The ecotoxicological 
consequences of PAH exposure can therefore not be properly assessed until more chronic 
data become available. In addition, a theoretical framework needs to be developed to deal 
with such long term chronic effects as carcinogenesis and mutagenesis, as the consequences 
of these on the population and ecosystem level are still poorly understood. 

The potential risk for biota of a PAH contamination is usually assessed by comparing field 
concentrations with toxicity data from laboratory experiments. When the concentrations are 
so high that a significant potential risk for biota exists, one should focus on the actual risk. 
The latter takes into account reductions in bioavailability which may occur in the natural en- 
vironment due, for example, to aging. The in-situ tissue residues of PAHs or their metabolites 
can be used as a measure of the bioavailability and mobility of contaminants, provided spe- 
cies specific information is taken into account. 

Biological effects of a mixture of contaminants at a field site can be assessed using bio- 
chemical markers, which offer some diagnostic value. A disadvantage of biochemical mar- 
kers is that these detect changes at the biochemical level, which may not be indicative of ad- 
verse health effects per se, as these effects may be within the tolerance limits of organisms. 
The development of a PAH specific suite of biomarkers is an important step forward in the 
assessment of the biological effects of PAH contaminated field sites. The success of such an 
approach hinges on field experience and on the development of an interpretational frame- 
work defining at what stage biochemical effects change from harmless to harmful. 
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14.1 
Introduction 


Polycyclic aromatic hydrocarbons (PAHs) are often regarded as a homogenous 
group of chemicals. As a consequence, the environmental risk of PAHs is sim- 
plified to that of a few well-known representatives, or ultimately to that of the 
summed concentrations of these representatives (EPAH). From experimental 
studies with PAHs evidence is however accumulating that the environmental 
chemistry and toxicology of PAHs is much more complex. It has been demon- 
strated that PAHs differ strongly in their physico-chemical properties such as 
water solubility, volatility, lipophilicity [Mackay and Callcott, Chap. 8] and 
susceptibility to photochemical [Arey, Chap. 9] and biochemical degradation 
[Neilson and Allard, Chap 10]. This results in significant differences among 
PAHs in their distribution in aquatic systems, the atmosphere and soil or 
sediment. This chapter on bioavailability and ecotoxicity of PAHs focuses on 
the partitioning of PAHs to biota, how biological characteristics affect this dis- 
tribution and what are the toxicological consequences of PAH exposure for 
biota. This chapter attempts to give a comprehensive overview of the complex 
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interactions of PAHs with biota. It highlights the general patterns that have 
been recognized to date, and selects those procedures that may be valuable for 
assessment of the severity of PAH contamination in the field. 

Environmental scientists have traditionally measured the PAH residues in 
organisms when they were confronted with PAH pollution of the environment. 
This has resulted in a vast literature on residue levels in biota, and the PAH 
residues often contain important information for the assessment of the environ- 
mental risk of PAH contamination. PAH concentrations within organisms are 
thought to reflect both the availability of PAHs in environmental matrices for 
uptake by biota, and the internal exposure concentration close to the site of 
toxic action. Both species specific and compound specific characteristics how- 
ever determine the rate of elimination of PAHs from the tissue of biota and have 
a strong modifying effect on residue levels of PAHs in biota [212,230]. Some im- 
portant factors influencing residue levels in biota are reviewed in Sect. 14.2 and 
are crucial for a proper interpretation of tissue residues. 

It is often stated that body residues reflect the internal concentration close to 
the site of toxic action, but what toxic action is meant here? There is increasing 
evidence for important differences among PAHs in the site of toxic action (to- 
xicity mechanism), and four different toxicity mechanisms have been postulat- 
ed for PAHs. Data from the scientific literature demonstrate that PAHs do not 
have a single type of toxic action but that different toxicity mechanisms play a 
role and depend on the compound, the type of exposure (acute or chronic), the 
organism and the environmental conditions involved. Section 14.3 focuses on 
the different toxicity mechanisms. 

Another important instrument in the assessment of PAH contamination is 
the comparison of field concentrations with effect concentrations reported 
from laboratory toxicity studies. An overview of the ecotoxicological studies on 
PAHs is given in Sect. 14.4 and a bias in the ecotoxicological data set on PAHs is 
revealed. The data set was used to investigate (1) evidence for specific toxicity 
mechanisms, (2) the magnitude of sublethal relative to acute effect concentra- 
tions and (3) the sensitivity of marine vs fresh water species. 

Based on the overview of bioavailability and toxicity that is presented, the 
final part of this chapter focuses on the assessment of contaminated field sites. 
Three steps can be recognized in the assessment process: (1) an assessment of 
the potential risk, based on a comparison of field concentrations with toxicity 
data obtained from laboratory toxicity experiments; (2) the assessment of the 
actual risk by estimating the bioavailability of the contaminant; and (3) the 
measurement of biological effects. 


14.2 
Factors Influencing Residue Levels 


14.2.1 
Introduction 


Residue levels of PAHs in organisms are a result of a variety of processes, the 
most important of which are the partitioning between and within biotic and 
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abiotic compartments, and simultaneous transformation reactions such as 
(bio)degradation and (bio)transformation. As described in this and other chap- 
ters, order of magnitude differences may be present between individual PAHs 
in both physico-chemical characterist'cs (water solubility, voiatility, hydro- 
phobicity, photodegradation) and biological activity, e.g. microbial degradabi- 
lity, toxicokinetics, biotransformation, mutagenicity and carcinogenicity [103, 
132, 150, 230]. Without a proper understanding of the dynamics of the underly- 
ing processes and mechanisms, interpretation of tissue residues in organisms 
may lead to erroneous conclusions. 

In aquatic ecosystems, the fraction of freely dissolved PAHs, which is usually 
assumed to be available for uptake by most organisms, decreases rapidly with 
increasing hydrophobicity and with increasing concentrations of substrates 
rich in absorption sites (e.g. suspended matter, dissolved organic carbon). The 
actual bioavailability of PAHs in the water column and in interstitial water of 
sediments may be limited, especially for compounds with log Kow > 5 [82]. From 
recent studies, evidence has emerged that prolonged contact times of PAHs with 
sediments and soils (‘aging’) may result in a markedly reduced bioavailability 
[23]. In addition, other factors, such as primary production, seasonal factors, 
hydrology, sedimentation, (bio)turbation, and other habitat-specific factors 
may influence the composition and partitioning of organic material [82]. 

In terrestrial habitats, PAHs are bound predominantly to the organic soil 
fraction. The stratification of soils in litter, fragmentation, humus and mineral 
layers results in large differences in the characteristics and the content of the 
organic fraction in soil profiles. The highest PAH concentrations can usually be 
found in the humus layers [319]. Together with the large fluctuations in water 
content of soils, due to rainfall, evaporation and drainage, it is likely that parti- 
tioning processes of PAHs with soil organic carbon are highly dynamic and that 
non-equilibrium conditions seem to predominate. 

As has been indicated by various authors [129, 230, 343], large variations exist 
among different taxa of the animal kingdom in the mechanisms and kinetics of 
uptake, elimination and biotransformation of PAHs and other contaminants, 
sometimes even between closely related species. Many other biological factors 
(e.g. life stage, body weight, lipid weight, moulting, feeding habits, reproduc- 
tion) may contribute to the intra-species variability of toxicokinetics of PAHs. 
The interactions of biotic and abiotic factors furthe- limit the predictability of 
bioavailability and biotic concentrations in natural systems. 

In the next sections, a brief introduction will be given to the factors that con- 
trol bioaccumulation of PAHs in organisms. Emphasis is given to benthic in- 
vertebrates, as the highest PAHs concentrations are usually found in soils, sedi- 
ments and organisms at lower trophic levels (algae, macrophytes and inverte- 
brates). Vertebrates (mammals, birds, fish) generally have low tissue residues 
due to MFO-mediated biotransformation of PAHs, as discussed by De Maagd 
and Vethaak, Chap. 15. Although the a priori applicability of the equilibrium 
partitioning theory seems limited for complex and dynamic processes in the 
field situation, it will be used as an interpretational framework. Additionally, 
this chapter focuses mainly on unsubstituted parent PAHs, as these compounds 
have been studied most intensively. For the large and important number of 
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alkylated sulfur-, oxygen- or nitrogen-containing polycyclic aromatic com- 
pounds, and for PAHs with more than seven rings, the body of knowledge is 
still too limited for even preliminary risk-assessments. 


14.2.2 
Bioavailability 


The processes that determine the fate of PAHs in aquatic ecosystems are indi- 
cated in Fig. 1. Abiotic partitioning and transformation reactions, such as bio- 
degradation and photolysis, determine the actual ambient concentrations of 
PAHs to which organisms are exposed. The partitioning behaviour of PAHs be- 
tween overlying or porewater, soils, sediments, particulate or colloidal matter 
and dissolved organic material is one of the major factors influencing the abio- 
tic components of bioavailability, and has been documented in several studies 
[71, 151, 173, 202, 203, 213, 265]. As discussed in a previous chapter [Mackay and 
Callcott, Chap. 8], the binding affinity to these substrates is determined mainly 
by their hydrophobicity (e.g. Kow n-octanol/water partition coefficient) and by 
the content and characteristics of organic material of the binding substrates 
[151, 202, 203]. 

Uptake of PAHs by organisms may take place from aqueous systems via gills 
or the skin, and from dietary sources via the gastro-intestinal tract. Epibenthic 
and sediment inhabiting invertebrates may have additional uptake from inge- 
sted sediments or from porewater. Patterns of PAHs in sediment or particulate 
matter can be quite different from those in food items used by biota or in the 
free dissoived fraction [33, 54]. The fraction of a contaminant concentration 
that is available for uptake by aquatic organisms, i.e. the bioavailable fraction, 
varies between species and depends on the relative significance of different 
uptake pathways [23, 308, 329]. Therefore, bioavailability has always to be relat- 
ed to a (group of) species in distinct micro-environments with specifically 
defined -oute(s) of uptake. 

Although various definitions of the concept of bioavailability have been pro- 
posed [6, 68], we prefer to use the more general phrasing, analogous to the de- 
finition used in pharmacokinetic studies, described by Belfroid et al. [23]: “the 
fraction of the chemical present in soil/sediment and (interstitial) water which 
can potentially be taken up during the organisms life-time into the organism 
tissue". 

The best way to measure PAH availability is to deterruine the uptake rate 
parameters from kinetic studies. This is however quite laborious, and bio- 
availability is usually assessed from tissue residues. Tissue residue concentra- 
tion of contaminants in organisms depends on the relative magnitude of the 
rates of uptake and elimination of the parent compound and/or biotransforma- 
tion to metabolites. For neutral compounds, that are not or slowly biotransform- 
ed, the bioconcentration from aqueous sources is usually determined by the 
lipid content of the organism and the hydrophobicity of the compounds [46, 
205]. The in-situ assessment of bioavailability is usually derived from tissue re- 
sidues determined in sentinel species in passive [82, 175, 238, 280, 303] or active 
biomonitoring programs [25]. It is obvious, that such an assessment can only be 
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Fig. 1. Conceptual scheme of processes determining bioavailability and bioaccumulation in organisms 
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made if sufficient knowledge is available on the kinetics and the mechanisms of 
uptake, biotransformation and elimination. 


14.2.2.1 
Dissolved and Sediment Organic Carbon 


Various well known case-studies on the influence of dissolved organic carbon 
(DOC), suspended matter and sediment organic carbon on the bioavailability of 
PAHs, halogenated PAHs including PCBs, PCDDs, PCDFs, and trace metals have 
been documented in the literature. At common levels of DOC in coastal and in- 
land waters (1-10 mg/l), more than 60-95% of the hydrophobic five- and six- 
ring PAHs may be present as DOC-bound PAHs. For two- and three-ring PAHs 
this may range from 15-60%. For super hydrophobic compounds (log Kow > 7) 
this fraction could exceed 95% in natural waters [82]. Readman et al. [265] pre- 
sented data from a field study in the Tamar estuary (UK) in which similar bind- 
ing patterns of PAHs to suspended particulate matter was demonstrated. As a 
result of the competing sorption processes and the variation in binding affinity 
among different PAHs, the less hydrophobic PAHs may be expected to be more 
available for uptake by organisms. 

McCarthy et al. [203] demonstrated in a laboratory study that the biocon- 
centration factor (BCF) of 3-methylcholanthrene (an alkylated PAH) in 
Daphnia magna was decreased by almost 6096 at concentrations of 1.5 mg/l dis- 
solved humic materials (DHM) and that at levels of 15 mg/l dissolved humic 
materials a further reduction to almost 8096 could be observed, compared to 
solutions free of dissolved humic materials. In various experimental studies si- 
milar reductions of bioaccumulation or toxicity of PAHs and polychlorinated 
PAHs in different species have been noted [167, 171, 173, 187, 200, 202, 212, 262]. 

The differences in sorption behaviour and bioavailability between individual 
PAHs usually result in typical variations in PAH profiles in different environ- 
mental compartments. An example of the shifting patterns of PAHs in various 
aquatic compartments is presented in Fig. 2, from a monitoring study in one of 
the sedimentation basins of the European rivers Rhine and Meuse [54]. The 
loading of PAHs of these rivers is relatively high, and still exceeds current qua- 
lity objectives [137, 264]. The lower molecular weight PAHs seem to prevail in 
the dissolved water phase (including dissolved organic carbon), whereas PAHs 
with four and more rings predominate in the sediment. The pattern in suspend- 
ed matter seems to have an intermediary position (Fig. 2). The relatively 
enhanced concentrations of high molecular weight PAHs in the water phase are 
caused by the co-sampling of PAHs bound to dissolved organic carbon (DOC), 
due to the operationally defined cut-off diameter (0.45 m) of the filter proce- 
dure used [329]. Determination of DOC-bound PAHs in natural waters can be 
done using C-18 preconcentration-columns or similar devices [168], but this 
method is not yet routinely applied in monitoring studies. In the patterns of the 
invertebrates (Asellus aquaticus) naphthalene, pyrene and fluoranthene are ele- 
vated. In related laboratory uptake-elimination studies the bioconcentration in 
freshwater isopods of PAHs with log K,, < 5 appeared to be related to the 
hydrophobicity of the individual PAHs [329] and the biotransformation in this 
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Fig. 2. Patterns of relative concentrations (ratio to PAHs) in sediment, particulate matter, 
freshwater isopods and filtered water from Lake Hollandsch Diep (Netherlands, Rhine-Meuse 
estuary) 


species seemed limited. Therefore, the preferential bioaccumulation of some 
PAHs in isopods may be related to the relatively high water solubility of these 
homologues. 


14.2.2.2 
Equilibrium Partitioning Theory 


Most models describing the distribution of compounds in the environment are 
based on the equilibrium partitioning theory [205, 332]. The concept of equili- 
brium partitioning assumes that partitioning parameters can be related to 
compound-specific parameters (hydrophobicity), organism lipid content, and 
to sediment and water characteristics (e.g. sediment organic carbon content, 
suspended solids, dissolved organic carbon) [71, 240, 281, 322]. Several authors 
have demonstrated that the equilibrium partitioning concept, which was ori- 
ginally developed for aquatic laboratory studies, can be successfully applied to 
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describe the bioaccumulation of contaminants for some terrestrial organisms 
[46, 48, 326, 327]. In the equilibrium partitioning theory, equilibrium is usually 
assumed in all biotic and abiotic compartments considered, and concentrations 
in one compartment can easily be extrapolated to other compartments using 
partitioning constants. The applicability of equilibrium partitioning theory in 
field studies on PAHs seems limited due to the influence of non-equilibrium 
conditions, transformation reactions (photodegradation, biotransformation), 
the significance of dietary uptake and biotransformation in many species, and 
to the increased binding of PAHs in aged soils or sediments [23, 168, 320]. 

In the framework of the equilibrium partitioning concept, biota to soil/sedi- 
ment accumulation factors (BSAF), normalized to organism lipid content and 
sediment-organic carbon, are predicted to be similar for most organisms and to 
be almost independent of the hydrophobicity of the compound [48, 49, 200]. 
According to Lee et al. [180] the BSAF for most compounds is expected to be 
approximately 1.7.In an extension of this concept Thomann et al. [308] includ- 
ed the influence of dietary uptake on BSAFs. In their analysis, contributions to 
BSAF from aqueous and dietary uptake were assumed to be dependent of Kow- 
The net effect resulted in predicted BSAF values around 0.8 - 1.0 for compounds 
with log K,, between 2 and 5, and around 1-10 for more hydrophobic com- 
pounds (log K,,, between 5 and 8). For compounds which are not subject to 
extensive metabolism (such as some PCB congeners), good agreement with 
equilibrium partitioning predictions have been found for various organisms 
[22, 118, 200, 254]. 

Several studies in which (lipid, organic carbon normalized) BSAFs of PAHs 
in invertebrates have been determined are summarized in Table 1. Although the 


Table 1. Reported biota to soil/sediment accumulation factors (BSAFs) of PAHs in invertebra- 
tes (organism-lipid and sediment/soil-organic carbon normalized) 


Species Habitat* BSAF No. of Type of Reference 
PAHs study* 
Mollusks 
Macoma baltica m 0.5-2.2 f [90] 
0.2-0.8 l [88] 
Macoma nasuta m 0.2-1.0 l [85] 


Polychaetes/oligochaetes 


Nereis succinea m 0.4-1.8 f [90] 
Armandia brevis m 0.2-1.0 10 l [211] 
Nereis virens m 0.02-0.07 l [164] 
Lumbricus rubellus t 0.3-0.9 8 f ., [320] 
Crustaceans 
Porcellio scaber t 0.01 - 0.2 8 f [320] 
Oniscus asellus t 0.02- 0.3 8 f [320] 
Philoscia muscorum t 0.01- 0.5 8 f [320] 
f 0.1-5 13 f [54] 


Asellus aquaticus 


a marine (m), terrestrial (t), freshwater (f). 
> field study (f), laboratory study with spiked or field sediments (1). 
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synopsis is not comprehensive, the BSAF values reported for many species are 
slightly below predictions from the equilibrium partitioning theory [180]. 
Several species have extremely low BSAFs, e.g. the polychaete Nereis virens and 
terrestrial isopods, and this has been attributed to biotransformation [164, 320]. 
In biota-sediment partitioning studies with fish, summarized by McElroy [208] 
and Meador et al. [212], data have usually been expressed on a dry- or fresh- 
weight basis without incorporating additional sediment-organic carbon and or- 
ganism-lipid data. Using average correction factors, the fish data are usually be- 
low or similar to the BSAFs reported for metabolizing invertebrates. 

In the comparative study of Van Brummelen et al. [320] on soil inverte- 
brates, the BSAF to K,,, relationships of isopods differed markedly from that 
of the annelid Lumbricus rubellus (Fig. 3). Marked differences were also ob- 
served in concentrations and patterns of PAHs in the different micro-habitats 
of the topsoil, with concentrations and dominance of high molecular weight 
PAHs increasing with depth in the order litter layer < fragmentation layer 
< humic layer. However, this could not explain the differences observed be- 
tween the patterns in isopods and earthworms. Only the pattern for 
Lumbricus, seems to be in agreement with the concept of equilibrium parti- 
tioning. For the isopods a strong double-logarithmic negative relationship 
was found between BSAF and K,,, of individual PAHs. The deviation from 
equilibrium partitioning theory in isopods was attributed to either the domi- 
nance of non-equilibrium conditions in the litter-layer, or the absence of skin 
absorption due to a lack of pore water or impermeability of exoskeleton, 
and/or to the presence of biotransformation. In the terrestrial environment, 
the applicability of the equilibrium partitioning concept seems to be limited 
to species that do not extensively metabolize PAHs and that live in close 
contact with the soil-pore water system. 


14.2.2.3 
Aging 


Prolonged contact times between contaminants and sediment or soil may re- 
sult in stronger binding and reduced bioavailability that cannot be explained 
by the time-independent sorption coefficients in the concept of the equili- 
brium partitioning theory [23, 170]. This process, usvally described as ‘aging’, 
has been observed in chronic sediment and soil toxicity studies. In spiked se- 
diment experiments with amphipods and midge larvae, reductions of bioaccu- 
mulation with a factor 1.4-6 have been observed, after 60-180 days [110, 170]. 
Varanasi et al. [342] observed 4-6 times lower accumulation of PAHs in bival- 
ves and clams exposed to aged sediments compared to values observed for re- 
cently deposited sediments. Compared to spiked soil experiments, Belfroid et 
al. [21] observed 2-30 times lower bioaccumulation in terrestrial annelids ex- 
posed to sediments with a 20- 30-year-old contamination of chlorinated mo- 
noaromatic compounds. The reduced bioavailability of contaminants in aged 
sediments is usually attributed to biphasic sorption processes involving both 
slowly and rapidly exchanging compartments [50, 243, 357]. The decreased de- 
sorption with time that results in increasing sediment-water distribution ra- 
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tios is explained by an increase with time of the fraction of contaminants pre- 
sent in the slowly exchanging compartment. This is consistent with organic 
carbon adsorption coefficients reported for PAHs in freshwater field sediments 
[54, 153], which are more than one order of magnitude higher compared to 
values which are commonly used as benchmarks in equilibrium partitioning 
theory, derived by Karickhoff et al. [151] from laboratory studies with rela- 
tively short equilibrium times (< 2 days). The effect of aging may have signi- 
ficant implications for remedial strategies for contaminated soils, harbour 
dredgings and sediments. 

In summary, the bioavailability of PAHs is determined by both biotic and 
abiotic factors, which at present cannot be rationalized solely on the basis of the 
equilibrium partitioning theory. Major determinants of bioavailability seem to 
be: 

- the content and composition of organic carbon in soil, sediment, particulate 
matter and dissolved organic carbon; 

- the pre-exposure contact time of contaminants and substrates; 

- the heterogeneity or stratification in terrestrial soils; 

- feeding behaviour and ecology, which influence exposure; and 

- ecophysiological and anatomical characteristics, which determine the me- 
chanisms and kinetics of uptake, biotransformation and elimination. 


14.2.3 
Toxicokinetic Processes 


In terrestrial invertebrates, the uptake of PAHs usually originates from food 
items, or from epidermal contact with interstitial water. Elimination of accu- 
mulated PAHs may be the result of biotransformation and redistribution in the 
gastro-intestinal tract of parent compounds and biotransformation products. 
In aquatic environments, aqueous uptake of PAHs (bioconcentration) seems to 
be dominant in most invertebrates and fish. In several benthic invertebrates 
significant dietary uptake (bioaccumulation) has been observed. Following 
uptake, PAHs may be subject to biotransformation, to internal distribution 
among tissues and organs, and to elimination of parent compounds or bio- 
transformation products. The delicate balance between these processes deter- 
mines the net bioaccumulation of PAHs. In particular, the ability of biotrans- 
formation of PAHs is of prime importance in explaining variability in tissue 
residues among different species in a specific habitat. A basic understanding of 
inter-species variation in metabolic capacity and toxicokinetics is required for 
a proper evaluation of data from field and laboratory studies. 

Various mathematical models (rate constant-based, clearance-based, fuga- 
city-based, physiological, pharmacokinetic-based) have been applied to bio- 
concentration and bioaccumulation studies; for a discussion see [16, 170, 293, 
294]. In a relatively simple first-order one compartment model, the bioaccumu- 
lation from aqueous and dietary sources can be described by the following dif- 
ferential equation: 


dC,,/dt = ky - C, c a- R : Cr- (ke + km) : Corg (1) 
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in which: 

Corg concentration in target organism (pg/kg) 

concentrations in (pore)water (g/l). 

« concentration in food (pg/kg) 

removal rate constant by elimination (e.g. day). 

removal rate constant by biotransformation to metabolites (e.g. day ~') 
consumption rate (food amount per unit body weight per time-unit) 
assimilation efficiency (dimensionless; 

time (e.g. days) 


Depending on the experimental design or the time-variability of the expo- 
sure concentrations, various analytical solutions of Eq. (1) can be used for the 
description of the bioaccumulation patterns and parameter estimation of rate 
constants and assimilation efficiency. In other cases numerical solutions are re- 
quired [41]. In aquatic studies, the dietary component is usually omitted from 
the analysis, whereas in terrestrial studies the aqueous component is usually 
not considered. When metabolism is constitutive (i. e. independent of C,,,), Ke 
and k, are usually combined, sometimes with a growth-dilution parameters 
[294]. 

Bioconcentration factors (BCF = C,,,/C,,) and bioaccumulation factors (BAF 
= Cg,/C;) can be derived from measured concentrations (apparent and often 
time-dependent BCFs or BAFs), or calculated from rate constants and assimila- 
tion efficiency. Such rate constant-based BCFs and BAFs are approximations to 
theoretical steady state conditions. Due to limitations of the experimental 
design [62, De Maagd, Chap. 15] the rate constant of biotransformation cannot 
usually be determined separately. 

A summary of BCFs of different PAHs in primarily aquatic invertebrates is 
presented in Table 2. Extensive studies have been conducted with freshwater 
and marine invertebrates but to our knowledge the number of studies with 
PAHs in terrestrial invertebrates is limited to the studies of Faber and Heijmans 
[80], Van Straalen et al. [337] and Van Brummelen et al. [318, 320, 321]. 

The highest wet weight BCFs indicated in Table 2 have been reported for the 
freshwater amphipod Diporeia spp.[166] and the freshwater isopod Asellus 
aquaticus [329]. Diporeia spp. inhabit the deep sediments of the North 
American Great Lakes [91, 166], whereas Asellus aquaticus is a littoral detri- 
tivore commonly found in shallow waters. In both species the role of biotrans- 
formation seems to be limited [166, 329]. A comparison of BCFs on a lipid basis 
is not possible since lipid contents have not been reported consistently. The bio- 
accumulation of high concentrations of PAHs in other aquatic isopods has been 
reported previously for the marine Lygia spp. from an atoll in the Pacific Ocean 
[233]. In terrestrial crustaceans, low bioaccumulation of benzo[a]pyrene and 
other PAHs was observed in both field and experimental work [80, 318, 320, 321, 
337]. In an experimental study, it was demonstrated by Van Brummelen and Van 
Straalen [318] that benzo[a]pyrene added to the food was available to the 
isopod Porcellio scaber, but that a high elimination rate was responsible for low 
residues. Formation of hydroxylated pyrene metabolites in Porcellio scaber 
was subsequently confirmed by Stroomberg et al. [304]. Apparently, the toxico- 
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Table 2. Experimental wet weight bioconcentration or bioaccumulation factors (BCF, BMF) 
and first-order one-compartment toxicokinetic parameters (k,, Kz, t.) of PAHs in aquatic 
and terrestrial invertebrates 


Species/compound Lipid Log BCF* k, k; Ref. 
96 L kg Lkg'day! day" 

Freshwater invertebrates 

Diporeia hoyi ® 4-12 [166] 

- anthracene (4.6) 3144 0.08 

- phenanthrene (4.4) 3096 0.11 

- pyrene (5.2) 4776 0.03 

- benzo[a]anthracene (4.8) 3312 0.05 

- benzo[a]pyrene (4.9) 2808 0.04 

Hyalella azteca‘ 

- anthracene 3.2 2-10.10 2.4-13.6 [74,174] 

Mysis relicta? 

- phenanthrene (3.6) 768 0.28 [92] 

- anthracene (3.6) 1512 0.36 

- benzo[a]pyrene (3.9) 2688 0.31 

Chironomus riparius* 

- anthracene 1.6-2.1 41-732 1.7 - 6.6 [99] 

- benzo[a]pyrene 2.3 5136 0.5-5.2 [187] 

Hexagenia limbata‘ 

- phenanthrene 4.1 14016 1.2 [300] 

- benzo[a]pyrene 3.9 3768 0.48 

Stylodrilus heringianus® 

- anthracene (3.7) 2112 0.4-0.5 [91] 

- phenanthrene (3.7) 2256 0.4 

- pyrene (3.8) 2729 0.4 

- benzo[a]pyrene (3.8) 2107 0.3-0.4 

Asellus aquaticus" 0.1-0.5 

- anthracene 2.6 890 1.0 [329] 

- phenanthrene 32 1580 1.2 

- pyrene 4.4 3490 0.82 

- benzo[a]pyrene 4.4 2410 0.10 

- benzo[e]pyrene 4.6 8310 0.09 

- benzo[ghi]perylene 5.7 4030 0.36 

Marine invertebrates‘ 

Mytilus edulis 

- phenanthrene 3.5 502 0.14 [210] 

- pyrene 3.7 480 0.10 

- perylene 4.0 182 0.02 

Mya arenaria 

- phenanthrene 2.9 197 0.22 [210] 

- pyrene 3.3 264 0.12 

- perylene 3.3 91 

Crangon septemspinosa 

- phenanthrene 3.2 754 0.48 [210] 

- pyrene 2.9 470 0.53 


- perylene 2.6 185 0.48 
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Table 2 (continued) 


Species/compound Lipid Log BCF* k, k, Ref. 
% Lkg' Lkg'day! day"! 

Nereis virens [210] 

- phenanthrene 3.6 264 0.72 

- pyrene 3.1 1286 0.60 

Fish-species 

Pimephales promelas 

- naphthalene 2.5 1500 5 [62] 

- phenanthrene 3.8 2000 0.3 

- anthracene 3.8 2700 0.4 

- fluoranthene 3:5 2700 0.8) 

- benz[a]anthracene 2.3 2300 11.3) 

Poecilia reticulata 

- fluorene 3.4 1440 0.6 [64] * 

- anthracene 3.9 1840 0.3 

- pyrene 37 3232 0.7 

Terrestrial invertebrates 

Porcellio scaber 

- benzo[a]pyrene 1.1 [318] 


2 BCFs between brackets were recalculated from source data as ratio of k, and k,. 
> organism formerly indicated as Pontaporeia hoyi, 6 h exposure/14 days elimination studies; 


average values at 4?C. 
© BCFs at 8 h; rate constants: range of values for various experimental treatments at 2- 25?C 


3 6h exposure at 4°C; BCF values calculated from k, and k,. 

e anthracene: range of results from 4-30 h experiments at 16-30°C; benzo[a]pyrene: 16 h 
experiments, elimination rate constants for biphasic elimination. 

f 120-day mayfly nymphs, 224 h experiments at 18?C. 

8 21 h experiments; range of values for various experimental treatments at 4?C. h: 7-day 
uptake, 14-day elimination experiments. 

i 4-day uptake, 14-day elimination experiments. 

! including rate constant for metabolism (fluoranthene 0.1 day~'; benz[a]anthracene 
11 day); 48 h static exposure experiments. 

* from 48-h uptake experiments. 


kinetics of PAHs in isopods from different suborders and from terrestrial and 
aquatic environments are really not comparable. 

The uptake rate constants of different PAHs (Table 2) for freshwater inverte- 
brates range from 770 (phenanthrene in Mysis) to 14000 (phenanthrene in 
Hexagenia), but most of the values seem to be in the range 1000-4000 
(l kg! d~), and are comparable to the values found in short term (48 h) studies 
with PAHs in fish [62-64]. In the comprehensive review of Opperhuizen et al. 
[247], similar values were reported for polyhalogenated hydrocarbons in fish. 
The uptake rate constant values of PAHs in marine invertebrates reported by 
McLeese and Burridge [210] seem to be lower (91-1286) compared to those for 
freshwater invertebrates. No systematic differences seem to be present in uptake 
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clearance rate constants between different PAHs, and this is in agreement with 
observations for other groups of compounds [112, 247]. 

The elimination rates of individual PAHs (Table 2) vary considerably among 
species. The highest values (1-13 d^!) are noted for invertebrates and fish 
species in which biotransformation is dominant. In some non-metabolizing 
species, such as Diporeia spp and Asellus aquaticus, the elimination rate con- 
stants decrease with increasing hydrophobicity [166, 329]. This is consistent 
with observations for other persistent neutral organic compounds in aquatic 
organisms. Elimination rate constants usually decrease with K,, and double 
logarithmic regression relationships have been reported for different classes of 
compounds in various groups of organisms [112, 157, 166, 247, 293]. Landrum 
[166] conducted comprehensive studies on factors that determine elimination 
rate constants of PAHs in the amphipod Diporeia spp, and demonstrated 
dependence on lipophilicity, season, temperature, age, body weight, and lipid 
content. 


14.2.3.1 
Relationships with K,,, 


Bioconcentration factors and first-order elimination rate constants for persis- 
tent neutral organic compounds in aquatic organisms usually exhibit strong 
(double logarithmic) regression relationships with K,,[46, 112, 198, 206, 229, 
246, 345]. The relationship proposed by Mackay [198] for (wet weight) BCFs of 
compounds in fish is commonly considered a benchmark for the equilibrium 
partitioning model [46, 205, 206]. In Table 3 several QSARs for K,,, and BCFs of 
PAHs in various organisms have been presented. Although the conditions of the 
different experiments varied considerably, there is a remarkable agreement 
among the slopes of the regression coefficients of the relationships for the dif- 


Table 3. Linear regression relationships between wet weight bioconcentration factors (BCFs) 
of PAHs and K,,, - (Log BCF = a + b - Log Kow) for PAHs in aquatic invertebrates? 


Species/taxon a b R? Sy N n Ref. 
Mytilus edulis - 2.4 1.1 € 0.3 0.88 11 5 [73] 
Daphnia pulex - 0.4 0.75 0.85 7 6 [292] 
Daphnia magna -0.05 0.66 0.65 6 3 [75] 
Diporeia spp. 1850.2 0.65+0.05 0.99 01 4 4 [166]¢ 
Asellus aquaticus -2.2+0.9 1.10.1 0.96 0.2 5E 5 [329] 
Mollusks - 1.23 0.84 0.69 34 1 [112] 
Daphnids =- 1.32 0.90 0.92 22 8 [112] 
Fish spp.^ - 1.32 1.00 0.95 0.25 36 9 [198] 


* Symbols: a = regression constant; b = regression slope; R? = coefficient of determination; 
s, standard error of estimate; N = total number of compounds included in equation; n = 
number of parent PAHs included in equation. 

è QSAR relationship of Mackay [198] for different fish species included in equation. 

Benzo[ghi]perylene was excluded. 

Calculated from reported data. 


n 


n 
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ferent taxa. The differences between organisms in the regression probably re- 
flect primarily variations in lipid content. The QSAR for fish species in the study 
of Mackay [198], with an estimated regression constant of - 1.32, is based on dif- 
ferent species of fish, with a mean lipid content of around 596 [206]. The extre- 
mely high bioconcentration in Diporeia spp. was attributed by Landrum [166] 
to the high lipid content (4—- 1296) of this profundal freshwater amphinod. The 
mean lipid contents of the daphnids and moiluscs in the study of Hawker and 
Connell [112] were 4% and 1-2% respectively [47]. Although the freshwater 
isopod Asellus aquaticus had a relatively low lipid content (0.34 + 0.07%), it 
accumulated high concentrations of PAHs [329]. 

Lower bioconcentration of higher PAHs has been observed in various labo- 
ratory and field studies [62, 63, 212, 329]. For many other hydrophobic com- 
pounds with log K,, exceeding 6-7, this phenomenon has been reported and 
attributed to various factors, including the following: 


- reduced membrane permeability in relation to molecular size [247] 

- lipid solubility and limited predictive capacity of K,,, [40, 64] 

— biotransformation [246] 

- insufficient duration of exposure in relation to time required to attain effec- 
tive equilibrium conditions [46, 115] 

- limited bioavailability 

- combinations of these factors [196] 


Connell and Hawker [47] reanalyzed published bioconcentration data for 
fish and proposed a 4th-order polynomial relationship with a maximum wet 
weight log BCF value of 4.6 for compounds with a log K,,, value of 6.7. Related 
parabolic (2nd order) and bilinear relationships have been proposed by Bintein 
et al.[26]. 


14.2.3.2 
Role of Dietary Uptake 


The role of dietary uptake (bioaccumulation) in aquatic studies seems to have 
been underestimated in the past, and this route of uptake is usually not con- 
sidered in equilibrium partitioning based risk assessment models. Although for 
many invertebrates and compounds, uptake from pore water or the water 
column is the dominant route of uptake [22, 23, 244, 279], several epibenthic or 
infaunal species of invertebrates can efficiently accumulate PAHs from ingested 
sediments or detritus [308]. In the studies of McLeese and Burridge [210] 
shrimps and polychaetes accumulated PAHs from ingested sediments. Several 
studies in which the gastro-intestinal assimilation of PAHs has been estimated 
are summarized in Table 4. The assimilation efficiency for dietary uptake of 
PAHs may range from 4-60%. In the study of Weston [356] with Abarenicola 
pacifica, the assimilation efficiency of benzo[a]pyrene seemed to decrease with 
increasing concentration. An overview of dietary uptake in marine organisms 
has been given by Meador et al. [212]. 

Although the assimilation efficiency of PAHs seems to decrease with Kow 
[212], the relative importance of dietary uptake may increase for more hydro- 
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Table 4. Dietary uptake — Assimilation efficiencies reported in the literature 


Species Compound Assimilation efficiency Reference 
Terrestrial invertebrates 
- Porcellio scaber benzo[a]pyrene 20-40% [318] 
Aquatic invertebrates 
- Calanus helgolandicus naphthalene < 60% [111] 
- Callinectes sapidus benzo[a]pyrene 
and other PAHs 2-10% [183] 
- Abarenicola pacifica benzo[a]pyrene 1-99%° [356] 
- Diporeia spp. benzo[a]pyrene 46-60% [170] 
6-33% [110] 
- Hexagenia limbata benzo[a]pyrene 13-20% [172]> 
Fish 
- rainbow trout various PAHs 2-32% [234] 
fluorene 14% [235] 
phenanthrene 4% 
anthracene, 


and higher PAHs <1% 


* depending on dose and TOC of spiked sediments, see figure in Meador et al. [212]. 
> calculated from data. 


phobic compounds, since abiotic partitioning may lead to severe reductions in 
bioavailability [308]. 


14.2.4 
Biotransformation 


In aquatic ecosystems, PAHs are present predominantly in the abiotic compart- 
ments (water, suspended matter, sediments) and the lower trophic levels (plank- 
ton, macrophytes, invertebrates). Cytochrome P450-mediated biotransforma- 
tion of PAHs is well established in mammals, birds and many fish species [230, 
343, 351, 352]. Most invertebrates have a less well developed MFO-system [139, 
334, 342]. In the past, biotransformation of PAHs by invertebrates was often 
assumed to be of limited importance. However, from a number of studies 
during the last decade, evidence has emerged for the existence of large differ- 
ences in rates of biotransformation among and within invertebrate taxa [74, 
139, 208, 210, 231, 342]. For several bivalve molluscs and oligochaete species, 
biotransformation of PAHs was observed to be low [91, 139, 192, 296]. Within 
the phylum of aquatic arthropods, large differences in biotransformation rates 
appear to exist, even between closely related species such as amphipods [166, 
174, 266]. Similar differences in biotransformation rates are present within 
other groups of phylogenetically related species, such as crustaceans [92], fresh- 
water insects [99, 300] and marine polychaetes [208]. Due to these large species- 
specific differences in biotransformation of PAHs, care should be taken in the 
interpretation of tissue residues of PAHs in organisms from biomonitoring 


programs. 
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Detoxification systems like the MFO system are thought to have developed a 
higher activity in terrestrial invertebrates than in aquatic invertebrates. The 
limited availability of water in the terrestrial environment restricts the elimina- 
tion of lipophilic parent compounds and increases the need to convert 
xenobiotics into water soluble compound which can be excreted with, for ex- 
ample, urine [350, 351]. The presence of numerous plant toxins in the diet of 
many terrestrial animals has also been suggested as a selective force for efficient 
detoxification enzymes [32, 162, 225]. Differences in the activity of detoxifica- 
tion enzymes between aquatic and terrestrial species have indeed been repor- 
ted [283, 302, 351], and may form an explanation for the relatively high accu- 
mulation of PAHs by many aquatic isopods compared to terrestrial isopods. 


14.2.5 
Trophic Transfer 


Due to the biotransformation of PAHs in vertebrates and some invertebrates, 
food chain transfer and biomagnification of PAHs do not appear to exist [33,43, 
230]. Although some primary consumers and detritivores may accumulate high 
levels of PAHs [72, 166, 197, 233, 292, 329, 337], predators usually contain low 
levels [33, 114—116, 186, 234]. 

In Fig. 4 an example is presented of benzo[a]pyrene concentrations in aqua- 
tic organisms from various interconnected waters in the Rhine-Meuse estuary 
based on [330, 331] and unpublished results. The absence of biomagnification 
is clearly illustrated. The qualitative comparison of lipid based concentrations 


ugikg lipid wt. 
Macrophytes P. pectinatus 
Elodea spp. 
Invertebrates  Oligochaetes 
A. aquaticus 
A. cygnea 
C. fluminalis — 
D. polymorpha 
Chironomids f 
Fish R. rutilus 
Predators id 
0 1000 2000 3000 4000 
= Hollandsch pm Nieuwe Biesbosch 
Diep Merwede 


Fig. 4. Benzo[a]pyrene (ng kg" lipid wt.) in organisms from adjacent waters in the Rhine- 
Meuse estuary 
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shows that the highest concentrations were encountered in aquatic plants 
(pondweed Potomogeton pectinatus; waterweed Elodea spp.), oligochaetes, 
isopods and freshwater clams (Angadonta cygnea). Lower concentrations were 
observed in other molluscs (Dreissena polymorpha, Corbicula spp.) and in 
chironomids. Concentrations close to detection limits were observed in whole 
body homogenates of roach (Rutilus rutilus) and in the liver of seven-week-old 
cormorant chicks from the Biesbosch colony, feeding on roach and other cypri- 
nids from this area. Due to variations in organism lipid content, a different ran- 
king is seen when data are expressed on a wet weight basis. Wet weight concen- 
trations decreased in the order: isopods > oligochaetes > aquatic plants > 
Anodonta > other mollusks and chironomids > fish. For other PAHs, similar 
patterns of differences between species were observed. The process of decrea- 
sing concentrations with rising trophic level, that has also been observed for 
some trace metals, has been termed ‘biominification’ [38]. 


14.2.6 
Conclusions 


The fraction of PAHs that is available for uptake by organisms varies between 
species, depending on the relative significance of different uptake pathways. 
Therefore, bioavailability always has to be related to a (group of) species with 
specifically defined route(s) of uptake. 

The best way to determine PAH bioavailability is to determine the uptake rate 
parameters in a kinetic study. This is however quite laborious and bioavailability 
is usually assessed on the basis of tissue residues. It is obvious that such an assess- 
ment can only be made if sufficient knowledge is available on kinetics and me- 
chanisms of uptake, biotransformation and elimination, since large variations 
exist among different taxa of the animal kingdom. Many other biological factors 
(e.g. life stage, body weight, lipid weight, moulting, feeding habits, reproduction) 
may contribute to the within-species variability of toxicokinetics of PAHs. 

Bioavailability of PAHs seems to be determined both by biotic and abiotic fac- 
tors, which cannot be satisfactorily explained within the existing equilibrium par- 
titioning theory. Major determinants of bioavailability are: the content and com- 
position of organic carbon in soil or sediment, particulate matter and dissolved or- 
ganic carbon; the pre-exposure contact time of contaminants and substrates; 
heterogeneity or stratification in terrestrial soils; and the route of exposure, 
(eco)physiological and anatomical characteristics, feeding behaviour and ecology. 


14.3 
Mechanisms of PAH Toxicity 


It is often stated that body residues reflect the internal concentration close to 
the site of toxic action, but what toxic action is meant here? This toxicity 
mechanism would be responsible for the occurrence of a variety of biological 
processes that include the following illustrative examples: 


- benzo[a]pyrene affected the development of flatfish and sea urchin [130, 131] 
- PAHs affect the immune-response of mussels [45, 104] 
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- both benzo[a]pyrene and fluoranthene reduced the feeding rate of Mytilus 


edulis [78] 

- naphthalene affected the oxygen consumption by crustaceans and insects 
[52, 58] 

- negative effects of PAHs on growth, reproduction and survival have been do- 
cumented by many authors (e.g. [96, 108, 291, 312, 316]) 


These examples of biological effects of PAH exposure are probably the result 
of a number of different mechanisms of toxicity. This section describes the me- 
chanisms of toxicity that have been postulated. 


14.3.1 
Nonpolar Narcosis 


Nonpolar narcosis or baseline toxicity is an aspecific mode of toxicity of non-re- 
active, non-electrolyte organics and is thought to result from the accumulation of 
the toxicant in the biological membrane. The term “non-reactive” is of course re- 
lative, since almost no compounds are completely unreactive under all conditions. 
The structure of the membrane is disturbed by the presence of the toxicants, and 
essential membrane bound processes such as osmoregulation and neurotrans- 
mission are affected (see reviews by Lipnick [190] and Van Wezel and Opper- 
huizen [339]). The disturbance of the membrane structure is caused by the physi- 
cal presence of toxicant molecules and less so by the chemical nature of these non- 
reactive compounds. Narcosis can develop relatively quickly during short term 
exposure and is a phenomenon which is typically observed in acute toxicity tests. 
In fish, narcosis or anesthesia results in a specific characteristic behaviour: initial 
excitement, disoriented behaviour followed by immobility and death. 

The non-specific nature of this mode of toxicity offers opportunities for 
scientific generalization. Successful attempts have been made to derive QSARs 
and predict the toxicity of narcotic chemicals on the basis of K,,, that signifi- 
cantly determines the accumulation of a .ompound in biological membranes 
(e.g. [156, 333, 344]). 

According to the classification scheme for chemicals which was developed by 
Verhaar et al. [346], PAHs are categorized as inert chemicals which exert narco- 
sis. Chemicals with a more specific mode of action are more toxic and for this 
reason narcosis is also called baseline toxicity. The other toxicity mechanisms 
of PAHs that are summarized below all imply that PAHs can be much more 
reactive, and that at least under certain conditions PAHs will have a higher 


toxicity than the baseline toxicity. 
14.3.2 
Phototoxicity 


The exposure to UV light may increase the toxicity of certain PAHs. This was 
observed for a variety of organisms including the following: 


- Photobacterium phosphoreum [11] 
- the alga Selenastrum capricornutum [44, 94] 
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- the plant species Lemna gibba [133, 268] 

- the crustaceans Daphnia magna [123], D. pulex [5] and Artemia salina [146] 

- the insect Aedes aegypti [145, 146] 

- the fish species Lepomis macrochirus [207, 249] and Pimephales promelas 
[145, 248] 

- the amphibian Rana pipiens [146, 147] 


Phototoxicity has also been observed in field studies with the oligochaete 
Lumbricus variegatus [223]. Phototoxicity of PAHs has recently been reviewed 
by Arfsten et al. [12]. 

The light-induced formation of free radicals and subsequent damage to a 
variety of macromolecules is believed to be responsible for the increased toxi- 
city of PAHs in the presence of UV light [169]. This type of toxicity can develop 
relatively quickly and can be observed in acute toxicity experiments. The che- 
mical mechanism is not yet fully understood and may involve formation of PAH 
radicals and/or oxygen radicals. In the review by Landrum et al. [169] a number 
of hypotheses are summarized and the reader is referred to this publication for 
details. 

Phototoxicity is a specific toxicitv mechanism since the presence of UV 
radiation causes only some PAHs to have a higher toxicity than would be ex- 
pected on the basis of nonpolar narcotic action. The relative phototoxicity of 
20 PAHs at equimolar body concentrations has been studied for the crustacean 
Daphnia magna and a curve-linear model to predict photo induced toxicity was 
developed by Newsted and Giesy [232]. Anthracene, pyrene, benzo[a]pyrene 
and dibenzo[a,h]anthracene were among the most phototoxic compounds, 
whereas phenanthrene, fluorene and triphenylene did not elicit phototoxicity 
(Table 5). The model of Newsted and Giesy [232] was refined by Mekenyan et al. 
[215], who demonstrated that one single structure related molecular descriptor 
could be used to explain the observed phototoxicity of PAHs. This descriptor, 
the HOMO-LUMO gap, defines the energy necessary to excite an electron from 
the highest occupied molecular orbital (HOMO) to the lowest unoccupied 
molecular orbital (LUMO). With increasing HOMO-LUMO gap the light 
absorption shifts to a shorter wavelength (higher energy) and the potential 
phototoxicity of the compound increases. With decreasing wavelength, how- 
ever, the intensity in sunlight slowly decreases to zero. Some PAHs (e.g. phenan- 
threne) may thus have a high HOMO-LUMO gap f it may not be phototoxic as 
the short wavelength light necessary to excite the molecule is not available in 
sunlight. See Mekenyan et al. [215] for further details. 

Differences in the phototoxicity of PAHs among organisms may be caused by 
a number of factors. These include: 


(1) the quality and quantity of sunlight penetrating into the organism and this 
may vary with the habitat of the organism and with light absorbency due to 
pigmentation or shielding (e.g. bivalves) 

(2) the internal exposure concentrations that may differ widely between spe- 
cies; the factors influencing these residue levels have been discussed in an 
earlier section 

(3) organisms may differ in their protective mechanisms against free radicals [17] 
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Table 5. Phototoxicity to Daphnia magna [215, 232] and carcinogenicity to humans [136] of 


selected polycyclic aromatic hydrocarbons 
squad S M La | |t. 


Compound Photoxicity Carcinogenicity CAS 
Daphnia magna? to humans? number 
———————— ÁA£ —P/————— s ———.— 
Anthracene ++ 3 120-12-7 
Benz[a]anthracene ++ 2A 56-55-3 
Benzo[a]fluorene + 3 238-84-6 
Benzo[a]pyrene ++ 2A 50-32-8 
Benzo[b]fluoranthene 2B 205-99-2 
Benzo[b]fluorene E 3 243-17-4 
Benzo[c]fluorene 3 205-12-9 
Benzo[c]phenanthrene 3 195-18-7 
Benzo[e]pyrene T 3 192-97-2 
Benzo[g,h,i]fluoranthene 3 203-12-3 
Benzol[g,h,i]perylene ++ 3 191-24-2 
Benzo[j]fluoranthene 2B 205-82-3 
Benzo[k]fluoranthene ++ 2B 207-08-9 
Chrysene + 3 218-01-9 
Corenene (0) 3 191-07-1 
Dibenz[a,h]anthracene ++ 2A 53-70-3 
Dibenzo[a,c]anthracene (++) 3 215-58-7 
Dibenzo[a;j]anthracene (++) 3 224-41-9 
Dibenzo[h,rst]pentaphene 3 192-47-2 
Dibenzo[a,e]pyrene 2B 192-65-4 
Dibenzo[a,h]pyrene 2B 189-64-0 
Dibenzo[a,i]pyrene 2B 189-55-9 
Dibenzo[a,!]pyrene 2B 193-30-0 
Fluoranthene ++ 3 206-44-0 
Fluorene 0 3 86-73-7 
Indeno[1, 2, 3-cd]pyrene 2B 193-39-5 
Naphthalene (0) 91-20-3 
Perylene ++ 3 198-55-0 
Phenanthene 0 3 85-01-8 
Pyrene E+ 3 129-00-0 
Triphenylene 0 3 217-59-4 


* experimental and model-derived (in brackets) values [215, 232] 
0 not phototoxic 
+ moderately toxic 
++ very toxic. 
^ TARC classification [136] 
1 carcinogenic to humans 
2A probably carcinogenic to humans 
2B possibly carcinogenic to humans 
3 unclassifiable as to carcinogenicity to humans 
4 probably not carcinogenic to humans. 
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14.3.3 
Biochemical Activation and Subsequent Adduct Formation 


This is probably the best-known toxicity mechanism of PAHs. During enzyma- 
tic transformation certain PAHs are transformed into highly reactive com- 
pounds which may form covalent bonds with macromolecules such as protein 
and DNA, the adducts. The textbook-example is the activation of benzo[a]- 
pyrene to its 7,8-diol-9,10-epoxide and subsequent binding to the DNA base 
guanine [311]. DNA adducts may give rise to mutations and this may result in 
carcinogenesis and teratogenesis, typical parameters of chronic toxicity experi- 
ments which take a long time to develop. The various mechanisms for activa- 
tion of PAHs have been discussed by Cavalieri and Rogan (Chap. 11). 

The Mixed Function Oxygenase (MFO) system is thought to be responsible 
for the initial introduction of oxygen into PAHs. This enzymatic system is locat- 
ed in the smooth endoplasmatic reticulum and contains cytochrome P-450 iso- 
zymes and cytochrome P-450 NADPH reductase. A number of reviews has been 
published on this enzyme system and its occurrence in different phyla [32, 35, 
121, 140, 193, 271, 297, 343, 350-352]. 

Covalent binding of benzo[a]pyrene metabolites to protein and DNA has 
been observed in a variety of organisms, e.g. the mollusc Mytilus edulis [201], 
the crustaceans Carcinus maenas [201] and Homarus americanus [141], the 
insect Spodoptera eridania [8] the echinoderm Asterias rubens [201], and a 
variety or fish species, e.g. [286, 340, 343]. PAH metabolism is discussed in 
greater detail for mammals by Cavalieri and Rogan (Chap. 11) and for aquatic 
organisms by de Maagd and Vethaak (Chap. 15). 

In many organisms elevated environmental levels of PAHs and other toxi- 
cants (e.g. PCBs, PCDDs and PCDFs) cause an increase in the activity of the 
MFO system (induction). This will result in an increase of metabolic activation 
and a subsequent rise in PAH adduct formation. The induction will stimulate 
the elimination of toxicants from the tissue (detoxification), resulting in reduc- 
ed residue levels of the parent PAH. A nice example of this process was observ- 
ed by Van der Oost et al. [325] who analyzed eels (Anguilla anguilla) from con- 
taminated and clean field sites. At the contaminated sites they found reduced 
PAH concentrations in the fish, in association with increased 1-OH pyrene 
excretion and increased DNA adduct levels, compared tc ~efence sites. 

In chironomids from contaminated field locations, an increased occurrence 
of deformities has been observed [67], while an increased incidence of hepatic 
lesions has been documented for fish [19, 143, 165, 199, 218, 227, 348 and 
de Maagd and Vethaak, Chap. 15] and beluga whales [59]. In these studies PAHs 
have been suggested as possible causative agents. 

Biochemical activation and subsequent adduct formation is a specific toxi- 
city mechanism for several reasons: (1) only certain PAHs are metabolically 
activated and are registered as carcinogens, e.g. benzo[a]pyrene is generally 
considered a potent carcinogen, whereas benzo[e]pyrene is a typical example of 
a non- or much less potent carcinogenic PAH; (2) not all organisms are equally 
equipped with the enzyme systems needed to carry out extensive metabolism 
of PAHs. Exposed organisms that have a high rate of metabolism of PAHs are 
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likely to be the victim of this type of toxicity, particularly if the cellular DNA- 
repair systems are poorly developed. 


14.3.4 
Disturbance of Hormonal Regulation 


Some PAHs are similar in structure to steroid hormones, such as ecdysteroids 
and estradiols and interference of PAHs with hormone regulation has been 
suggested by a number of authors e.g. [108, 182, 256, 313, 317]. A direct 
hormonal effect of PAHs may occur when metabolites of PAHs interact with the 
hormone receptors. This mimicking of hormones is only likely when the conta- 
minants have sufficient structural similarity with the hormones in question. 
PAHs would require at least four aromatic rings and metabolization since 
phenolic or quinone groups are required for interaction with the receptors [70, 
144, 224, 261]. 

The hormonal balance is affected indirectly when elevated levels of PAHs in 
the environment cause an increase in the activity of the MFO system (induc- 
tion). The MFO system is involved both in the activation and deactivation of 
steroid compounds and in the metabolism of a range of xenobiotics [121, 182, 
256, 354]. Induction of MFO activity by PAH exposure occurs both in insects 
[154] and in fish [36], although it is not yet clear whether induction also occurs 
in molluscs and crustaceans [139, 140, 193]. To our knowledge there is only 
circumstantial evidence for interference of PAHs with hormonal regulation. 
Assuming this toxicity mechanism occurs, differences in the potency of PAHs 
are to be expected that are related to the capacity to induce MFO activity 
(indirect action) and the structural resemblance of the molecules with steroid 
hormones (direct action). This type of toxicity will take some time to develop 
and will require chronic exposure. 


14.3.5 
Conclusions 


There is a theoretical link between residue levels and toxicity since residue 
levels are assumed to reflect the concentration inside the organism close to the 
site of toxic action. In the first section dealing with residue levels, it was 
demonstrated that metabolism of PAHs is a factor which has considerable in- 
fluence on the residue levels within organisms. Organisms which metabolize 
PAHs extensively generally have lower residue levels compared to organisms 
which do not metabolize PAHs, and they will be less susceptible to narcosis and 
phototoxicity of PAHs since the concentrations at the target site will be lower. 
At the same time, however, organisms that have a high rate of metabolism of 
PAHs are likely to be the victim of adduct formation or disturbance of the hor- 
mone regulation. 

Consequently the relationship between residue levels of PAHs and toxicity is 
ambiguous: a low residue level in an organism means either that exposure to 
PAHs is low and that there is little risk, or it may mean that the organism has a 
very active, possibly induced, MFO system which results in adduct formation or 
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disturbance of hormone regulation. In that case the low residue levels provide 
no information on the exposure or risk levels [325]. Clearly species specific in- 
formation should be used when considering the relationship between residue 
level of PAHs and the possible risk to the organism. 

The limited knowledge of the toxicity mechanisms of PAHs presented here 
indicates that many PAHs can act through a more specific toxicity mechanism 
than nonpolar narcosis. Exceptions to this may be PAHs such as naphthalene, 
phenanthrene and fluorene, which are non-phototoxic, are not considered to be 
mutagens and do not have a structure similar to hormones. These compounds, 
which apparently have narcotic action only, are quite abundant in the environ- 
ment (Simoneit, Chap. 5) but are susceptible to biodegradation (Neilson and 
Allard, Chap. 10). PAHs with a higher molecular weight generally have longer 
residence times and have a more specific toxicological nature which may result 
in adverse effects during chronic exposure. 


14.4 
Ecotoxicity of PAHs 


Results of ecotoxicity tests are often used for risk assessment of substances, in or- 
der to estimate “safe” levels for the environment. Especially in the field of aquatic 
ecotoxicology numerous ecotoxicity tests have been developed (e.g. [239, 241]). In 
terrestrial ecotoxicology at this moment fewer ecotoxicity tests are available [240, 
241] but a lot of information is available on non-standardized tests [336]. 

Ecotoxicity tests are performed under well-defined laboratory conditions, 
using standardized water or soil and organisms from laboratory stocks. The 
toxic substance in question is added in a concentration range to the medium 
and organisms are added. After a defined time-interval the effect of the differ- 
ent concentrations applied are evaluated. In general, endpoints like survival, 
growth and reproduction are taken into account as these parameters are consi- 
dered of importance for population growth. 

The ecotoxicity data on PAHs are reviewed (Sect. 14.4.1) and attention is 
focused on some general patterns in the data. Two specific questions are ad- 
dressed: (1) is there evidence for specific toxicity mechanisms (Sect. 14.4.2), and 
(2) is it possible to predict consequences for the population on the basis of these 
data (Sect. 14.4.3). In Sect. 14.4.4 a comparison of sensitivities of freshwater and 
marine species is made and Sect. 14.4.5 addresses the use of these data for risk- 
assessment of PAHs. 


14.4.1 
Data on PAHs 


The toxicity data reviewed here were originally compiled for the development 
of national ecotoxicological quality objectives in the Netherlands [148, 149], 
and for this reason only those parameters are taken into account that may affect 
species at the population level. The toxicity data presented are based on labor- 
atory experiments which compare a decrease in survival, or growth and/or 
reproduction relative to the control. 


230 T.C. van Brummelen et al. 


Only those studies which meet specific quality criteria were included. A study 
is considered to be reliable if the design of the experiment is in agreement with in- 
ternationally accepted guidelines such as the OECD guidelines. To judge studies 
which have not been performed according to these guidelines, criteria were devel- 
oped [3]. PAHs are characterized by low to very low solubility and therefore spe- 
cial attention is paid to the way the solutions for experiments have been prepared. 

The laboratory toxicity data reviewed here are limited to the following PAHs: 
naphthalene, anthracene, phenanthrene, fluoranthene, benz[a]anthracene, 
chrysene, benzo[k]fluoranthene, benzo[a]pyrene and benzo[ghi]perylene. Data 
are summarized in Tables 6-8 and are presented as L(E)C50 for short-term 
tests with a duration of four days or less, and NOEC for long term tests with a 
duration greater than four days. For microorganisms and algae, however, NOEC 
may be derived from results of experiments lasting less than four days. 

The LC50 is the Lethal Concentration for 5096 of the organisms in the test 
(concentration at which 5096 of the organisms tested die). LC50 values are often 
estimated applying a model to the data (e.g. [109]). The EC50 is the 5096 Effect 
Concentration (concentration at which 5096 effect occurs, e.g. a 5096 reduction 
of growth). EC50 values are often estimated applying a log-logistic model (e.g. 
[106]). The NOEC is the No Observed Effect Concentration (highest concentra- 
tion/dose in a series of test concentrations causing no significant adverse effect 
compared with the control). This concentration is often derived by comparing 
the effect at the tested concentrations statistically with the control (e.g. [105]). 

One value per endpoint for a certain species is presented in the tables. If for one 
test species several toxicity data based on the same toxicological endpoint are 
available, these values are averaged by calculating the geometric mean. For all the 
PAHs considered, fewer NOEC values than L(E) C50 were found in the literature. 

The toxicity data on freshwater species are presented in Table 6. For naph- 
thalene, anthracene, phenanthrene and fluoranthene data were found for at 
least four taxonomic groups. For benz[a]anthracene, chrysene, benzo[k]fluor- 
anthene, benzo[a]pyrene and benzo[ghi]perylene the number of data is much 
lower. The toxicity data on marine species are presented in Table 7. The number 
of data available for marine species is much lower than for freshwater species, 
and most data concern naphthalene. For benz[a]anthracene, chrysene, 
benzo[k]fluoranthene, benzo[a]pyrene and benzo[ghi]perylene, no toxicity 
data at all are available. 

For terrestrial species even less toxicity data are available. Most data concern 
anthracene, phenanthrene and benzo[a]pyrene (Table 8). As was mentioned 
above, only those studies are included in which a negative effect compared to 
the control was observed. For some terrestrial isopod species, however, positive 
effects on reproduction have been reported [80, 317]; such effects were not in- 
cluded in the NOEC values summarized in Table 8. 


14.4.2 
Evidence for Specific Toxicity Mechanisms 


The toxicity mechanisms reviewed in Sect. 14.3 of this chapter can be divided 
into (1) non-specific toxicity mechanisms (narcosis) and (2) more specific toxi- 


Table 6. Toxicity of PAHs for freshwater organisms 
eee 


PAH 


naphthalene 


anthracene 


taxonomic group 
Chlorophyta 


Mollusca 
Insecta 


Crustacea 


Pisces 


Amphibia 
Chlorophyta 
Angiospermae 


Insecta 
Crustacea 


Pisces 


species 


Chlorella vulgaris 

Physa gyrina 

Chironomus attenuattus 
Chironomus tentans 
Tanytarsus dissimilis 
Somatochlora cingulata 
Daphnia magna 
Daphnia magna 
Daphnia pulex 

Daphnia pulex 
Pimephalis promelas 
Pimephalis promelas 
Pimephalis promelas 
Sarotherodon mossambicus 
Micropterus salmoides 
Oncorhynchus mykiss 
Pimephalis promelas 
Oreochromi mossambicus 
Xenopus laevis 


Selenastrum capricornutum 
Selenastrum capricornutum 
Lemna gibba 

Aedis aegypti 

Daphnia magna 

Daphnia magna 

Daphnia magna 

Daphnia magna 

Lepomis macrochirus 
Lepomis spec. 


—_—_ 


parameter 


EC50 growth 
LC50 

LC50 

EC50 immobility 
LC50 

LC50 

LC50 

EC50 immobility 
LC50 

EC50 immobility 
NOEC hatchability 
NOEC mortality 
NOEC growth 
NOEC growth 
LC50 

LC50 

LC50 

LC50 

LC50 


NOEC growth 


NOEC prim. production 


NOEC 

LC50 

NOEC growth 
NOEC reproduction 
LC50 


, EC50 immobility 


LC50 
LC50 


value (ng/l) 


33000 
5000 
13000 
2800 
12600 
1000-2500 
8799° 
2200° 
38797 
4700 
450 
1800 
450 
2300 
680 
120 
26937 
7900 
2100 


Reference 


[152] 

[216] 

[58] 

[216] 

[58] 

[51] 

[52; 28; 75; 1] 
[216; 226] 
[312; 96; 97; 98] 
[291] 

[65] 

[65] 

[65] 

[56] 

[216] 

[216] 

[95; 216; 65] 
[55] 

[76] 


[94] 

[94] 

[133] 
(251; 146] 
[86] 

(86; 94] 
[145; 1] 
[226] 
[207; 248] 
[248] 
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Table 6 (continued) 
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PAH taxonomic group species parameter value (ug/l) ^ Reference 
a (€ ————— P €——————r——— en — —À——— s! — Linn! 
anthracene Pisces Pimephalis promelas NOEC hatchability 8.8 (108] 
Pimephalis promelas LC50 360 [146] 
phenanthrene Chlorophyta Anabaena flos-aqua NOEC 600 (289] 
Selenastrum capricornutum | EC50 900 [289] 
Nitzschia palea EC50 900 [289] 
Angiospermae Lemna gibba NOEC growth 600 [133] 
Crustacea Daphnia magna NOEC reproduction 57 [127] 
Daphnia magna NOEC mortality 56 [127] 
Daphnia magna NOEC growth 32 [127] 
Daphnia magna EC50 immobility 516 [216; 226] 
Daphnia magna LC50 596 [28; 75; 1] 
Daphnia pulex NOEC reproduction 110 [96] 
Daphnia pulex NOEC growth 60 [96] 
Daphmia pulex EC50 immobility 505 [291; 255]. 
Daphmia pulex LC50 338 (312; 98] 
Pisces Brachydanio rerio NOEC growth 42 [127] 
Brachydanio rerio NOEC mortality » 56 [127] 
Micropterus salmoides LC50 250 [216] 
Oncorhynchus mykiss LC50 30 [216] 
fluoranthene Cyanophyta Anabaena flos-aqua NOEC 50 [289] 
Chlorophyta Selenastrum capricornutum EC50 54000 [289] 
Angiospermae Lemna gibba NOEC growth 200 [268] 
Insecta Aedis aegypti LC50 12 [146] 
Chironomus tentans EC50 32 [305] 
Crustacea Daphnia magna EC50 100 [305] 
Hyalella azteca EC50 45 [305] 
Pisces Brachydanio rerio NOEC mortality 69 [127] 
Brachydanio rerio NOEC growth 12 [127] 
Pimephalis promelas LC50 200 [146] 
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Table 6 (continued) 


PAH taxonomic group species parameter value (ug/l) ^ Reference 
benzo(a)anthracene Crustacea Daphnia pulex LC50 10 [312] 
chrysene Crustacea Daphnia magna NOEC-mortality »14 [124] 
Daphnia magna NOEC-reproduction > 1.4 [124] 
benzo(k)fluoranthene Pisces Brachydanio rerio NOEC-mortality 0.48 [126] 
Brachydanio rerio NOEC-growth 0.36* [126] 
benzo(a)pyrene Pisces Brachydanio rerio NOEC 6.3 [128] 
Chorophyta Scenedesmus capricornutum |NOEC-growth 10 [44] 
Scenedesmus capricornutum EC50-growth 5.7" [277; 44] 
Crustacea Daphnia pulex LC50 5.0 [312] 
benzo(ghi)perylene Pisces Pimephalis promelas LC20 0.15 [249] 


* geometric mean of results from different tests. 


Table 7. Toxicity of PAHs for marine organisms 


PAH taxonomic group species parameter value (g/l) ^ Reference 
naphthalene Bacteriophyta Photobacterium phosphoreum | EC50 27928 [11] 
Rhodophyta Champia parvula NOEC « 350 [310] 
Mollusca Callinectus sapidus LC50 2337* [273] 
Crustacea Cancer magister NOEC larv. development 21 [37] 
Artemia salina EC50-immobility 3200 [89] 
Calanus finmarchicus LC50 1400 [81] 
Elaspomus pectenicrus LC50 2700 [184] 
Eurytemora affinis LC50 3800 [252] 
Hemigraphus nudus LC50 1863* [100] 
Neomysis americana LC50 1051? [290] 
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Table 7 (continued) 


M 


PET 


PAH taxonomic group species parameter value (pg/!) Reference 
a i lid. ML Ui MC. ĖS 
naphthalene Crustacea Artemia salina LC50 11000 [1] 
Palaemonetes pugio LC50 2600 [7] 
Parhyale hawaiensis LC50 10416° [184] 
Penaeus aztecus LC50 2500 [7] 
Annelida Neanthus arenaceodentata LC50 3800 [272] 
Pisces Oncorhynchus gorbusscha NOEC-growth 259* [221] 
Oncorhynchus kisutch NOEC-growth 370 [220] 
Fundulus heteroclitus LC50 5300 [69] 
Gadus morhua LC50 750 [81] 
Metapenaeus monocerus LC50 5087* [66] 
Cyprinodon variegatus LC50 2400 [7] 
Oncorhynchus gorbuscha LC50 900 [309] 
anthracene Bacteriophyta Photobacterium phosphoreum | ECS50 11 [11] 
Crustacea Artemia salina LC50 32 [1; 146] 
phenanthrene Bacteriophyta Photobacterium phosphoreum EC50 255* [11] 
Annelida Nanthes arenaceodentata LC50 600 [272] 
Crustacea Rhithropanopeus harrissi NOEC-mortality 150 [176] 
Artemia salina LC50 680 [1] 
Artemia salina EC50-immobility 520 [89] 
fluoranthene Bacteriophyta Photobacterium phosphoreum | ECS0 470 [11] 
Annelida Neanthes arenaceodentata LC50 300 [272] 
Crustacea Artemia salina LC50 40 [146] 


o LLLLL—————————————————————————————————————————————————— 


? geometric mean of results from different tests. 
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Table 8, Toxicity of PAHs for terrestrial species 


PAH taxonomic group species parameter value (mg/kg) Reference 
rp St A erence UUU 
naphthalene Macrophyta Latuca sativa EC50-shoot growth + 100 [134] 
anthracene Macrophyta Avena sativa LC50 530 [217] 
Avena sativa EC50-growth 30 [217] 
Cucumis sativus EC50-growth 720 [217] 
Cucumis sativus LC50 » 1000 [217] 
Glycine max EC50-growth » 1000 [217] 
Glycine max LC50 » 1000 [217] 
Brassica ericifolia EC50-growth > 1000 [217] 
Brassica ericifolia LC50 » 1000 [217] 
Casuarina distyla EC50-growth » 1000 [217] 
Casuarina distyla LC50 > 1000 [217] 
Eucalyptus eximia EC50-growth > 1000 [217] 
Eucalyptus eximia LC50 > 1000 [217] 
phenauthrene Annelida Eisenia fetida EC50 240 [30] 
Insecta Folsomia candida NOEC-reproduction 75 [30] 
Folsomia candida LC50 150 [30] 
benzo(a)anthracene Crustacea Oniscus asellus NOEC-weight 7:5 [317] 
chrysene Annelida Eisenia fetida LC50 > 1000 [30] 
benzo(a)pyrene Annelida Enchytraeus crypticus NOEC-reproduction 3.4 [2] 
Eisenia fetida NOEC-survival 1.0 [2] 
Crustacea Oniscus asellus NOEC-growth 32 [316] 
Porcellio scaber NOEC-growth 28* [335; 316] 


a eee 


* geometric mean of results from different tests. 
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city mechanisms involving photochemical or biochemical activation and sub- 
sequent adduct formation, or disturbance of hormonal regulation. According to 
the chemical classification scheme of Verhaar et al. [346] PAHs act by aspecific 
(narcosis) toxicity. The toxicity data compiled in Tables 6 and 7 have been used 
to test this hypothesis of aspecific toxicity of PAHs. 

If narcosis-like mode of action is responsible for the toxicity of PAHs observ- 
ed in experimental studies, the toxicity of PA Hs should increase with increasing 
log Kow (see Sect. 14.3.1, [346]). The aquatic toxicity for the different PAHs, 
based on the L(E)C50 values for freshwater and marine organisms (Tables 6 
and 7) is compared visually in Figs. 5 and 6 for freshwater and marine species 
respectively. The PAHs are arranged in order of increasing log Kow. Log 
K,,values have been derived from the MEDCHEM database [214]. Although 


3,50 
3,00 
2,50 
2,00 
1,50 
log(L(E)C50) 1.00 
0,50 


0,00 
napht anthr phena fluora b[a]a b[a]p 


log(Kow) 


Fig. 5. Comparison of L(E)C50 values for different freshwater species and endpoints for the 
different PAHs considered (napht- naphthalene, anthr=anthracene, phena=phenanthrene, 
fluora=fluoranthene, b[a]a - benzo[a]anthracene, ben[a]p 7» benzo[a]pyrene) 
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Fig. 6. Comparison of L(E)C50 values for different marine species and endpoints for the 
different PAHs considered (napht=naphthalene, anthr=anthracene, phena=phenanthrene, 
fluora=fluoranthene) 
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only few data are available, it is clear that the logL(E) C50 of PAHs for both 
marine and freshwater species generally decreases with an increasing log K,,,. 
Anthracene is an exception, and is more toxic than would be expected on the 
basis of its K,,,. This implies either that the toxicity of anthracene is caused by 
a more specific toxicity mechanism and not by narcosis, or the narcotic potency 
of anthracene is underestimated using Kow- 

If PAHs act by non-specific (narcosis) toxicity, the toxicity of PAHs can be 
accurately predicted on the basis of QSARs developed for narcotic chemicals. 
The toxicity observed in laboratory studies was compared with the toxicity 
predicted on the basis of the QSAR estimates for the toxicity of narcotic chemi- 
cals (148, 149]. Although QSARs are available for 19 different species [333], the 
comparison (Table 9) is limited to 7 PAHs and 4 species, since experimental data 
are scarce. In each case the QSAR-NOEC and experimental NOEC compared are 
based on the same effect parameter, i.e. growth. To express the differences be- 
tween the experimental values and QSARs, the quotient is given of the predicted 
QSAR-NOEC and the experimentally determined NCEC. 

For naphthalene, phenanthrene, fluoranthene, chrysene and benzo[a]py- 
rene, QSAR-NOECs and experimental NOECs are fairly comparable and this 
implies that non-specific (narcosis) toxicity is the mechanism responsible for 
the toxicity observed in these experimental studies. The quotient for these sub- 
stances varied from 1.2 to 2.5 and was less than 3.6. For anthracene and 
benzo[k]fluoranthene, however, the experimental NOECs clearly deviate from 
the QSAR predicted values. This means that the toxicity of anthracene and 
benzo[k]fluoranthene cannot be explained on the basis of nonpolar narcosis 
and that consequently the toxicity of these compounds is caused by a more 
specific mechanism. Both compounds have been shown to be phototoxic (Table 
5, [11, 215]) 

The data set reviewed here contains a considerable bias towards values ob- 
tained in short term toxicity studies. Under such conditions, nonpolar narcosis 
is the most likely mechanism of toxicity to be observed. Effects due to other 


Table 9. Comparison of predicted QSAR-NOECS according to Van Leeuwen et al. [333] with 
experimental NOECs for different PAHs and species. After Kalf et al. [149] 


PAH species QSAR-NOEC exp.-NOEC quotient 
(ug/l) (ug/l) (QSAR/exp.) 
naphthalene Pimephalis promelas 770 450 1.7 
anthracene Selenastrum capricornutum 120 3.6 33 
Daphnia magna 84 LJ 50 
phenanthrene Daphnia magna 82 57 1.4 
Brachydanio rerio 105 42 2.5 
fluoranthene Brachydanio rerio 29 12 2.4 
chrysene Daphnia magna 52 1.4 S 3.6 
benzo(k)fluoranthene Brachydanio rerio 6.8 0.36 19 


benzo(a)pyrene Brachydanio rerio 7.2 6.3 1.1 
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toxicity mechanisms, such as biochemical activation and subsequent adduct 
formation, and disturbance of hormonal regulation, will be missed as it will 
take a longer exposure period for effects to be observed at the individual level. 
Observations of phototoxicity are unlikely as the light sources used in the ex- 
periments reviewed here are generally not representative of outdoor condi- 
tions. Under natural conditions, with long term exposure of organisms to PAHs, 
more specific and therefore higher toxicity may be expected, than has generally 
been documented in the literature. The ecotoxicological consequences of PAH 
exposure can therefore not be properly assessed until more chronic data be- 
come available. In addition, a theoretical framework needs to be developed to 
deal with such long term chronic effects as carcinogenesis and mutagenesis, as 
the consequences of these on the population and ecosystem level are still poorly 
understood. Histopathological evidence for such specific toxic effects of PAHs 
are reviewed by De Maagd and Vethaak [Chap. 15]. 

The experimental evidence for disturbance of hormonal regulation is quite 
limited. The studies by Faber and Heijmans [80] and Van Brummelen et al. [317] 
suggest that a stimulation of reproduction of terrestrial isopods exposed to 
PAHs may occur and this may be due to disturbance of hormonal regulation. 
Both studies have not been included in the tables as the data set compiled was 
restricted to studies in which survival, growth and/or reproduction is decreased 
compared to the control. 


14.4.3 
Sublethal Sensitivity Index 


In the previous section, it was pointed out that the data set reviewed here con- 
tains a considerable bias towards results from short term toxicity studies. 
Certain types of effects of PAHs are not taken into account in this data set, 
whereas these will occur in the environment as a result of prolonged exposure 
to relatively low concentrations. 

To give some idea of the order of magnitude involved, the data set was inves- 
tigated for species where both acute and semi-chronic data are available. The 
Sublethal Sensitivity Index (SSI) can be defined as the quotient of the acute let- 
hality or LC50 value, and a chronic sublethal parameter, e.g. NOEC growth or 
reproduction [53]. According to the hypothesis of Daniels and Allan [4, 57] 
population growth shows little impairment up to the concentration at which 
lethality occurs, provided that sublethal effects on reproduction and lethal 
effects occur at concentrations which are close to each other, i.e. when SSI is 
low. Population impairment may occur at concentrations well below lethality 
when the SSI is higher. 

From the data sets in Tables 6 and 7 it was possible to calculate SSIs for 
reproduction of Pimephalis promelas exposed to naphthalene (7.8), Daphnia 
magna exposed to anthracene (16) and phenanthrene (18), and D. pulex ex- 
posed to phenanthrene (3.1): the mean SSI was 10. These SSIs have been calcu- 
lated by combining chronic and acute studies from different authors, which is 
not entirely satisfactory since the additional variance among laboratories can 
be partly responsible for the observed difference between the chronic and the 
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acute effect concentration. Based on the limited, biased data set, the standard 
factor of 10 often used in risk assessment for extrapolation from acute to chro- 
nic effect concentrations [332] appears to reflect approximately the average dif- 
ference between chronic and acute studies. Such extrapolation factors are often 
called ‚safety factors‘ although in this case the factor 10 does not reflect a worst 
case scenario. Again, the data set does not include carcinogenic and mutagenic 
effects which have been shown to emerge at much lower concentrations. 


14.4.4 
Toxicity Towards Marine and Freshwater Species 


For a number of compounds, salinity has an important influence on toxicity. To 
investigate whether this is also the case for PAHs, marine and freshwater toxi- 
city data can be compared. As the data sets for most of the PAHs considered are 
rather small, it is not possible to make such a comparison on the basis of 
NOECs. Only for naphthalene are enough experimental L (E) C50s available to 
make a comparison of the sensitivity distributions. 

Figure 7 presents the comparison of freshwater and marine species. For each 
species, one value is included in this figure. If more than one value is available for 
a species, the lowest value is used. A comparison of the data on the basis of a t-test 
showed no significant difference in sensitivities for naphthalene between fresh- 
water and marine species (p>0.05). It is not expected that the sensitivities of fresh- 
water and marine species to other PAHs will lead to another conclusion. 
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Fig. 7. Comparison of the sensitivities of freshwater and marine species for naphthalene 
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14.4.5 
Environmental Quality Guidelines for PAHs and Mixture Toxicity 


As indicated in the introduction to this section, ecotoxicity data are often used 
in risk assessment to derive a concentration below which, with a certain prob- 
ability, no effects on ecosystems are expected. These concentrations are indica- 
tors of potential risk and may be used as guidelines in environmental poiicy 
and are often referred to as environmental quality guidelines, environmental 
quality objectives or environmental quality criteria. For the sake of convenience 
it will be referred to as quality guidelines in this chapter. 

As a first step, concentrations of PAHs encountered in the environment are 
usually compared with these quality guidelines or with the underlying toxicity 
data. A comparison with a concentration in the field will tell us if a potential 
risk can be expected. When the concentrations are so high that a significant po- 
tential risk is present for biota, one should focus on the actual risk. The distinc- 
tion between potential and actual risk is important: the former is based on 
laboratory toxicity data using matrices freshly spiked with PAHs which are 
therefore readily available for uptake by biota. The latter takes into account re- 
ductions in bioavailability (see Sect. 14.2) which may occur due, for example, to 
aging, or to incorporation of PAHs in pitch or coke globules [253]. 

Environmental guidelines for PAHs have been developed in order to assess 
the risk of concentrations of PAHs encountered in the field [148, 314]. Most 
quality guidelines are based on effects on survival, reproduction and growth en- 
countered in the laboratory, while carcinogenic and mutagenic effects on eco- 
systems are ienored. The number of toxicity data available is small and consists 
mostly of short-term toxicity studies. Significant safety factors are usually ap- 
plied for the derivation of these quality guidelines. 

For the aquatic environment enough data for the development of quality cri- 
teria are available. For sediment and soil, the development of environmental 
quality criteria is severely hampered by the limited data on effects of PAHs. In 
this case the quality criteria for sediment anc. soil may be derived from aquatic 
quality criteria, using the equilibrium partitioning method [71]. 

The use of the equilibrium partitioning method for deriving sediment qua- 
lity criteria is however a subject of discussion [9, 135]. The use of this method 
is based on the following assumptions: 


l. that bioavailability, toxicity and bioaccummulation of nonionic organic 
chemicals are closely related to concentrations in the por. water; 

2. that pore water concentrations are inversely proportional to the total parti- 
culate matter content in sediments; 

3. that an equilibrium exists between the concentration of the compound in 
pore water and sediment; 

4. that aquatic organisms have a similar sensitivity to PAHs as sediment dwel- 
ling organisms and can therefore be used to derive sediment quality criteria 
with an appropriate level of protection. 


For soil, the use of the equilibrium partitioning method is also debatable. In 
some areas within the soil the amount of water is very small and may vary with 
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weather conditions, giving rise to non-equilibrium conditions. Another con- 
founding factor is the role of direct uptake from food which may be important 
for compounds with a log Kow higher than 5, as was shown for earthworms by 
Belfroid et al. [20, 22]. The limited number of terrestrial toxicity data is not 
likely to change significantly in the near future despite the fact that soils and 
sediments are major sinks for PAHs in the environment (Mackay, Chap. 8; 
Simoneit, Chap. 5). The use of the equilibrium partitioning methodology serves 
„as a pragmatic but imperfect solution to this lack of data. 

Another approximate way of deriving sediment guidelines has been elabora- 
ted by Long et al. [195] using the “Biological Effects Databases for Sediments” 
or BEDS. In these BEDS, effect data from equilibrium partitioning studies, 
laboratory spiked-sediment bioassays and field studies of sediment toxicity and 
benthic community composition are included. On the basis of the BEDS data 
set, guidelines are derived by quantifying the incidence of adverse effects within 
concentration ranges. This method is being used as a basis for developing 
National Sediment Quality Guidelines for Canada and Florida. 

Most quality guidelines for PAHs have been developed for individual com- 
pounds, whereas in the field mixtures are almost invariably found. For com- 
pounds that have a similar structure it is often assumed that they have a simi- 
lar toxicity mechanism, in which case the Toxic Unit Model can be used to pre- 
dict the toxicity of mixtures [107, 120, 194, 236, 307]. Quality criteria for PAHs 
using these models have been proposed. A major drawback of these models is 
the assumption that a similar mode of action operates for all PAHs. As was in- 
dicated in previous sections of this chapter, this assumption is not valid: PAHs 
act by different modes of action. This means that the proposed models are not 
valid and should not be used. No suitable alternative is yet available to derive ef- 
fect concentrations for mixtures of PAHs. 


14.5 
Determining the Actual Risk and Biological Effects 


of PAH Contamination 


In both the aquatic and the terrestrial environments, man is confronted with areas 
having elevated concentrations of PAHs in the soil and in sediments. A compari- 
son of these concentrations with toxicity data may reveal a potential risk for biota. 
The issue of concern is whether life and ecosystem processes are indeed adversely 
affected by these contaminants. To answer this question, a stepwise approach is ad- 
vocated here using a procedure that integrates chemical and biological effects. 


14.5.1 
Determining the Actual Risk 


The actual risk is largely determined by the bioavailability of the PAH contami- 
nation. As was indicated in Sect.14.2, the in-situ tissue residues of PAHs can be 
used as a measure of the bioavailability and mobility of contaminants. We have 
demonstrated, however, that species specific information is needed for inter- 
pretation of residue levels in terms: of bioavailability. When interested in the 
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availability to organisms in general, it is advisable to measure PAH residue 
levels only in those species that have a low metabolic capacity: invertebrates, 
and particularly mollusks are more suitable than fish. As the fraction of conta- 
minants available varies between species, species should be selected with differ- 
ent uptake pathways for which extensive literature on environmental residue le- 
vels and uptake/clearance kinetics is available. 

In the marine environment, molluscs such as Mytilus edulis and Crassostrea 
virginica are very suitable organisms for this purpose as they are widely used in 
monitoring and research programs [25, 83, 175, 238, 303, 349]. For fresh water 
systems, much less data are available; the crustaceans Diporeia [166], Asellus 
aquaticus [329] and daphnids [75, 329] and the mollusk Dreissena polymorpha 
[34, 60] are possible candidates. In the terrestrial environment even less infor- 
mation is available on tissue residues of PAHs. Earthworm species, such as 
Lumbricus rubellus, can be used and their residues compared the data of Van 
Brummelen et al. [320]. Valuable information can also be found in work by 
Faber and Heijmans [80]. 

The biological variation in residue levels among animals collected from the 
field can be reduced by active biological monitoring: translocating a homoge- 
neous group of animals from a reference population or a laboratory stock to the 
research sites (e.g. [60]). Alternatively, sediment or soil samples can be trans- 
ferred to the laboratory where the accumulation of PAHs is determined after 
exposure of laboratory animals for a restricted period under controlled condi- 
tions (bioaccumulation assay). 

The bioavailability of PAHs to animal species with a higher capacity for me- 
tabolism can be assessed by the analysis of PAH metabolites. This has been 
done successfully in bile from both marine and freshwater fish [13- 15, 117, 
159—161, 189, 324, 325], in hemolymph of crabs [253] and methods are under 
development for the measurement of PAH metabolites in tissue from terrestrial 
invertebrates [304]. The literature on applications of these techniques to field 
samples is very limited and as a consequence the results of this type of research 
are difficult to interpret. PAH metabolites however do not reflect only bioavail- 
ability, as they are closely linked to one of the mechanism of PAH toxicity: bio- 
chemical activation and subsequent adduct formation. A correlation of PAH 
metabolite levels and hepatic tumours has been observed by Krahn et al. [161]. 

A comparison of residue levels of PAHs or their metabolites from different lo- 
cations will show which of the locations has the highest degree of bioavailable 
contamination. If sufficient literature is available, it is possible to assess whether 
the concentrations fall into the lower or the higher range of residue levels report- 
ed for a particular species. Residue levels cannot yet reveal the existence of ad- 
verse effects on an organism that result from the contamination. This may change 
when more data become available on internal effect concentrations [204, 206]. 


14.5.2 
Biological Effects 


Biological effects of a mixture of contaminants at a field site can be assessed 
using bioassays. For specific application to PAHs, bioassays have disadvantages 
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since they generally do not have diagnostic value, and are expensive when de- 
ployed to reveal long term chronic effects. The use of biochemical markers is 
generally cheaper and offers some diagnostic value. A disadvantage of bioche- 
mical markers (e.g. MFO activity) is that these detect changes at the biochemi- 
cal level, which may not be indicative of adverse health effects per se, as these 
effects may be within the tolerance limits of organisms [257, 260]. On the one 
hand this allows the use of these techniques as early warning indicators [259], 
e.g. as a tool for estimating the geographical magnitude of any potential im- 
pacts [256, 257]. On the other hand the question is raised what the ecological 
meaning of a biochemical marker response is: at what stage do biochemical 
effects change from harmless into harmful, causing adverse effects at the indi- 
vidual or population level [257, 259, 328]? In our opinion the result of biomarker 
research is often difficult to interpret in ecological terms. A way to deal with this 
problem is to apply the precautionary principle and classify biochemical chan- 
ges above specific benchmark values as undesirable adverse effects. The combi- 
nation of bioassays with biomarkers, although expensive, forms a desirable 
combination of ecologically meaningful information with diagnostic value. 

Within the framework of the Oslo and Paris Conventions for the Prevention 
of Marine Pollution (OSPAR) and in collaboration with the International 
Council for Exploration of the Sea (ICES), a PAH-specific monitoring program 
of biological effects has been designed. In a recent OSPAR/ICES workshop on 
biolog‘~al effects monitoring techniques held in Aberdeen [10], a suite of three 
biomarker techniques was proposed to describe the impact of PAH compounds 
on biota at the biochemical level. The biomarker techniques selected by the 
workshop include cytochrome P450-1A [295], bulky aromatic-DNA adducts 
and PAH metabolites in bile. A suite of techniques is recommended since these 
three techniques individually do not register effects exclusively due to PAHs, 
e.g. cytochrome P450-1A activity may be induced not only by anthropogenic 
PAHs but probably also by PAHs produced from natural steroid and terpenoid 
precursors (Simoneit, Chap. 5 and Neilson and Hynning, Chap. 6) and PCBs and 
dioxins [35]. 

This suite of biomarkers can be used to measure exposure and biochemical 
effects. According to the conclusion of the workshop, PAH metabolites in bile 
are mainly a marker of exposure whereas the induction of cytochrome P450-1A 
also indicates effect, since it reveals a biochemical change within the organism 
which often precedes the onset of more serious cellular and physiological chan- 
ges including hepatic damage, reproductive toxicity and immunotoxicity. The 
occurrence of DNA adducts is scored by the workshop as a deleterious effect 
since their formation is believed to be important in the initiation of carcinoge- 
nesis (see also [338; Cavalieri and Rogan, Chap. 11; de Maagd and Vethaak, 
Chap. !5). When the selected suite of biomarkers demonstrates a PAH-related 
biochemical response, subsequent histopathological examination of liver sam- 
ples is recommended by the workshop. This technique can give additional in- 
formation on deleterious effects of PAH exposure at the individual level; see de 
Maagd and Vethaak, Chap. 15, for further details. 

The cytochrome P450 assay has recently been reviewed by Buchelli and Fent 
[35] and is probably the biomarker which has been used most frequently in 
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field trials. The performance of this biomarker is often judged by correlating 
the observed responses with external concentrations in sediment or water. Only 
in some of the field studies was a clear relationship found between cytochrome 
P450 activity and environmental concentrations, e.g. Stegeman et al. [299] 
found a positive correlation of EROD activity in Baltic flounder (Platichthys 
flesus) with PCBs and PAHs in mussels from the same site. Goksøyr et al. [102] 
found a correlation of a pollution gradient with increased EROD activity and 
cytochrome P450-1A content. A positive correlation was also found for EROD 
activity in comber (Serranus cabrilla) and sediment PAH content [228]. The 
limited number of field studies demonstrating such clear correlations is diffi- 
cult to interpret. It may mean that this biomarker does not perform well, as has 
been demonstrated under certain conditions [35, 79, 288, 324]. Alternatively it 
may mean that external concentrations are not a good measure of actual expo- 
sure or risk, which has been argued throughout this chapter and was one of the 
main reasons for developing such biomarkers in the first place. 

An assessment of the biological effects of a PAH contamination will be based 
on the weight of evidence from the suite of biomarkers and chemical concen- 
trations in sediment, water and biota. This approach requires an integrated 
chemical and biological effects research program, and will profit from field ex- 
perience at other contaminated sites. 

The development of a PAH specific suite of biomarkers is an important step 
forward in the assessment of the biological effects of PAH contaminated field 
sites. The success of such an approach hinges on field experience and on the de- 
velopment of an interpretational framework defining at what stage biochemical 
effects change from harmless to harmful. 


14.6 
Conclusions 


1. PAHs should not be regarded as a homogeneous group of chemicals. The en- 
vironmental chemistry and toxicology of PAHs is highly complex and does 
not depend on simple physico-chemical characteristics. The key to an 
understanding of the environmental risk of PAHs is knowledge of the frac- 
tion available to the organism and the toxicity mechanisms involved, as these 
ultimately determine the magnitude and nature of biological effects. 

2. The best way to assess PAH bioavailability is to determine the uptake rate 
constant via a kinetic study, although bioaveilability is usually assessed on 
the basis of tissue residues. It is obvious that such an assessment can only be 
made if sufficient knowledge is available of kinetics and mechanisms of 
uptake, biotransformation and elimination. 

3. Data from the scientific literature demonstrate that PAHs do not have one 
type of toxic action but that different toxicity mechanisms play a role, de- 
pending on the compound, the type of exposure (acute or chronic), the 
organism and the environmental conditions involved. Many PAHs can act 
through a more specific toxicity mechanism than  nonpolar narcosis. 
Exceptions to this may be PAHs such as naphthalene, phenanthrene and fluo- 
rene, which are non-phototoxic, are not considered to be mutagens and do 
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not have a structure similar to hormones. PAHs with a higher molecular 
weight generally have longer residence times and have a more specific toxi- 
cological nature which may result in adverse effects during chronic exposure. 

4. An overview of studies in which adverse effects of PAHs on reproduction, 
growth or survival are documented, reveals a considerable bias for short 
term toxicity studies. Under such conditions nonpolar narcosis is the most 
likely mechanism of toxicity to be observed. Effects due to other toxicity 
mechanisms, such as biochemical activation and disturbance of hormonal 
regulation, will be missed, as it will take a longer exposure period for effects 
to be observed at the individual level. Observations of phototoxicity are un- 
likely as the light sources used in most experiments are not representative of 
outdoor conditions. Under natural conditions, with long term exposure of 
organisms to PAHs, more specific and therefore higher toxicity can be ex- 
pected than has generally been documented in the literature. 

5. The ecotoxicological consequences of PAH exposure can therefore not be 
properly assessed until more chronic data become available. In addition, a 
theoretical framework needs to be developed to deal with such long term 
chronic effects as carcinogenesis and mutagenesis, as the consequences of 
these on the population and ecosystem level are still poorly understood. 

6. The potential risk for biota of PAH contamination is usually assessed by com- 
paring field concentrations with toxicity data from laboratory experiments. 

7. The actual risk can be assessed by taking reductions in bioavailability due to, 
for example, aging into account. The in-situ tissue residues of PAHs or their 
metabolites can be used as a measure of the bioavailability and mobility of 
contaminants, provided species specific information is taken into account. 

8. Biological effects of a mixture of contaminants at a field site can be assessed 
using biochemical markers which can detect changes at the biochemical 
level, but these changes may not be indicative of adverse health effects per se, 
as these effects may be within the tolerance limits of organisms. The devel- 
opment of a PAH specific suite of biomarkers is an important step forward in 
the assessment of the biological effects of PAH contaminated field sites. The 
success of such an approach hinges on field experience and on the 
development of an interpretational framework defining at what stage bio- 
chemical effects change from harmless to harmful. 
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